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 Extreme events, such as heat waves, are predicted to increase in frequency, duration, and severity as a consequence of cli-
mate change. However, global change research generally focuses on increases in mean temperatures and fails to address the 
potential impacts of increasingly severe heat waves. In addition, climate change may interact with another primary threat 
to biodiversity, non-native species invasions. We assessed the impacts of a short-term heat wave on the marine epibenthic 
fouling community of Bodega Harbor, California, USA, by exposing experimental mesocosms to a simulated heat wave 
in the laboratory and then monitoring community development in the fi eld. We hypothesized that (1) juveniles would 
be more susceptible to heat waves than adults, (2) native species would be more susceptible than non-native species, and 
(3) non-native species would recover more quickly than native species. We observed no eff ect of the heat wave on juvenile 
species richness, either initially or during the recovery period, relative to communities at ambient seawater temperatures. 
In contrast, total adult species richness initially declined in response to the heat wave. Adult community composition 
also changed in heat-wave treatments, with non-natives representing the majority of species and occupying more cover 
than native species. Th e reduction in native richness associated with the heat wave persisted through the recovery period, 
whereas invasive richness was actually higher on heat-wave versus ambient plates at 95 days. Heat waves have the potential 
to alter the composition of this community because of species-, taxon-, and/or origin-specifi c responses; for example, non-
native bryozoans displayed greater resistance than native and non-native tunicates. Recovery from the heat wave occurred 
via growth of resistant individuals and larval recruitment. Our study highlights the importance of considering species ’  and 
community responses to heat waves, and not just mean predicted temperature increases, to evaluate the consequences of 
climate change.   

 Global climate change and non-indigenous species are two 
of the greatest threats to biodiversity and ecosystem func-
tioning (Vitousek et al. 1997, Sala et al. 2000, Halpern et al. 
2008). Both climate change and introduced species have had 
wide-ranging community-level impacts on species ’  abun-
dances, distributions and interactions, and they have resulted 
in local extinctions (Vitousek et al. 1997, Ruiz et al. 2000, 
Walther et al. 2002, Rosenzweig et al. 2007). In addition to 
their direct eff ects, climate change and invasions may inter-
act. For example, climate-change conditions are predicted to 
favor  –  and thus facilitate the spread of  –  non-native species 
(Dukes and Mooney 1999, Byers et al. 2002, Stachowicz 
et al. 2002). Sala et al. (2000) point out that  “ interactions 
among the causes of biodiversity change  …  represent one 
of the largest uncertainties in projections of future biodiver-
sity change ” . Here, we address this potential interaction by 
assessing the impacts of a simulated heat wave on native and 
non-native species in a marine community. 

 Heat waves are extreme high temperature events that are 
predicted to increase in severity and frequency as a conse-
quence of global climate change (Karl and Trenberth 2003, 

Meehl and Tebaldi 2004, Meehl et al. 2007). Heat waves are 
typically defi ned as a period of at least three to fi ve days dur-
ing which mean or maximum temperature anomalies of at 
least 3 – 5 ° C above normal are observed (Meehl and Tebaldi 
2004, Meehl et al. 2007). Although the great majority of 
climate change studies focus on the eff ects of increases in 
mean global temperature (Easterling et al. 2000, Jentsch 
et al. 2007), extreme events such as heat waves have the 
potential to signifi cantly and abruptly alter biotic systems 
(Easterling et al. 2000, Parmesan et al. 2000). Studies of 
the impacts of extreme events are typically either (1) obser-
vational, with researchers relating dynamics in long-term 
datasets to unforeseen events that occurred during data col-
lection (Swaty et al. 2004, Daufresne et al. 2007, Harris 
et al. 2007, J ö hnk et al. 2008), or (2) experimental, with 
treatments designed to mimic fi eld-relevant extreme condi-
tions (Bassow et al. 1994, de Valpine and Harte 2001, Van 
Peer et al. 2004). Most community-level studies of heat wave 
impacts have been conducted in terrestrial systems, and 
only a handful of observational (Sutherland 1970, Harley 
2008, Oxenford et al. 2008)  –  and even fewer experimental 
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(Glynn and D’Croz 1990, Allison 2004)  –  studies have been 
carried out in marine systems. Studies in all systems have 
shown that responses to heat waves are generally species-
specifi c (Parmesan et al. 2000, de Valpine and Harte 2001, 
Mouthon and Daufresne 2006, Miriti et al. 2007, Petes 
et al. 2007, Harley 2008), and heat waves can essentially 
 ‘ reset ’  community development when complete mortality 
occurs (Allison 2004, Miriti et al. 2007). In addition, impacts 
often persist after conditions return to ambient levels, either 
for months (Bassow et al. 1994, Oxenford et al. 2008), for 
years (Miriti et al. 2007), or even longer, such as with range 
shifts (Easterling et al. 2000, Fleischer et al. 2007, Harris 
et al. 2007, Jentsch et al. 2007). 

 A less pronounced response of non-native species to 
heat waves would be consistent with two prevailing para-
digms in invasion biology. First, disturbance is predicted to 
facilitate invasions via one or more of the following mecha-
nisms: an increase in resources, a decrease in native com-
petitors or predators, or a shift in conditions that favors 
non-natives (Byers et al. 2002, Clark and Johnston 2005, 
Olyarnik et al. 2009). Th e 2003 European heat wave was 
associated with shifts in community structure in both 
freshwater (Daufresne et al. 2007) and marine communi-
ties (Neumann et al. 2009). Daufresne et al. (2007) suggest 
that creation of open space by this heat-wave disturbance 
allowed the colonization and increased abundance of non-
natives in a macroinvertebrate community in the French 
Rh ô ne River. Th is example highlights a limitation of using 
observational studies to infer climate impacts on species 
invasions: because both the rates of climate change and 
invasions are increasing over time due to direct anthropo-
genic forcing (Carlton 2001, Rosenzweig et al. 2008), it 
is diffi  cult to parse out temporally-covarying eff ects from 
interactive eff ects. Th is confounding eff ect of the covaria-
tion between time, climate change, and invasions can be 
avoided with experimental studies (White et al. 2001) or 
those that compare interspersed  ‘ warm ’  and  ‘ cold ’  years 
(Stachowicz et al. 2002). Th e potential for heat waves 
to facilitate the increase of non-natives depends on the 
robustness of a second paradigm: that non-native species 
are able to tolerate a broader range of temperatures than 
native species, a pattern that derives from evidence for a 
direct relationship between range width (in terms of lati-
tude and climate) and invasiveness (Dukes and Mooney 
1999, Chown et al. 2007; but see Holway et al. 2002). For 
example, Petes et al. (2007) found that responses to a natu-
ral heat wave diff ered between a native and a non-native 
mussel species, with native and non-natives experiencing 
35% and 3% mortality, respectively. Generally, few data 
allow the assessment of this paradigm, making it diffi  cult 
to extrapolate to the community level. 

 We investigated heat-wave impacts in a marine epiben-
thic fouling community, which has historically been a 
model system for community ecology studies (Sutherland 
1974, Sutherland and Karlson 1977) and is an ideal system 
for studying the relationship of climate change and species 
invasions, in particular. Fouling species (e.g. bryozoans, 
tunicates [sea squirts], hydroids and polychaetes) colonize 
human-made structures including ships ’  hulls, docks, and 
submerged pipelines, in addition to occurring on natural 
hard substrata such as subtidal rocky reefs. Th ese species 

therefore settle readily on artifi cial, experimental substrates. 
Recruitment is continuous during the summer, when heat 
waves are most likely to occur, and rapid growth contributes 
to rapid space occupation. Fouling communities can also 
be highly invaded. Non-native species now represent the 
majority of common species and 71% of total cover at 
our study site, highlighting the need for further studies to 
predict the trajectory of non-native species dominance in 
this particular community (Sorte et al. 2010b). 

 Since space is often the primary limiting resource in the 
fouling community (Stachowicz et al. 1999), processes that 
create bare space are important for driving species turnover 
and compositional changes. We conducted our heat-wave 
experiment using communities at two diff erent stages of 
development: juvenile-dominated and adult-dominated. 
Juveniles tend to experience higher mortality than older 
individuals and be more susceptible to physiological stress 
(Gosselin and Qian 1997, Hunt and Scheibling 1997). 
However, since previous studies suggest that juveniles ’  lower 
tolerance thresholds are not often exceeded by current fi eld 
conditions (Hunt and Scheibling 1997), we were interested 
in whether these thresholds could be exceeded in future 
heat-wave conditions. We also conducted our experiment 
on established, adult communities because adult individu-
als represent the majority of cover in the system, and their 
mortality would have a larger per capita eff ect on levels of 
bare space (Miriti et al. 2007). In both juvenile- and adult-
dominated communities, acquisition of bare space takes place 
via a combination of new recruitment and lateral growth of 
established individuals and colonies. 

 We examined the impacts of an experimentally-induced 
heat wave on a typical suite of species in the Bodega Harbor 
(California, USA) fouling community. Intact communities 
were transported to the laboratory, where the heat-wave 
treatment was applied in mesocosms. Communities were 
then returned to the fi eld for monitoring of recovery and 
subsequent community development. Resistance, or the 
magnitude of the immediate change caused by the heat 
wave, and recovery, or the time point at which richness and 
cover did not diff er from levels in communities maintained 
at ambient temperatures, were compared for non-natives, 
native species, and for the community as a whole. Our a 
priori hypotheses were that (1) juveniles are less resistant 
(i.e. more susceptible) to heat waves than adult individu-
als, (2) non-native species are more resistant than native 
species, and (3) non-native species recover more quickly 
than native species.  

 Methods  

 Study system 

 Our study system was the subtidal epibenthic fouling com-
munity in Bodega Harbor, Bodega Bay, California, USA. 
Bodega Harbor is a shallow, marine-dominated coastal 
lagoon that receives minimal freshwater input (Boyd 1972, 
Grosholz 2005). Typical salinity is  � 33 ppt, and daily 
mean temperatures range between 9 and 17 ° C at 1 m depth 
(based on measurements between 2005 and 2009; Sorte 
unpubl.). All fi eld deployments and surveys were conducted 
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on fl oating docks at Spud Point Marina (38 ° 32 ’ 90 ” N, 
123 ° 05 ’ 81 ” W). Vectors of species introductions are likely 
similar to those implicated for San Francisco Bay (Cohen 
and Carlton 1995), including fi shing and recreational boat 
traffi  c. Most non-native fouling species observed in this 
study (Supplementary material Appendix 1 Table A1) are 
originally of Western Pacifi c or European origin (Cohen and 
Carlton 1995), and non-natives dominate the fouling com-
munity of Spud Point Marina in terms of cover and common 
species (Sorte et al. 2010b).   

 Temperature treatments 

 Th e temperature treatments were designed to refl ect current 
ambient conditions in Bodega Harbor and a potential future 
heat wave. Recent heat waves in Bodega Harbor have occurred 
during the 1982 – 83 El Ni ñ o event ( ∼  � 4 ° C, Scripps Inst. of 
Oceanography 1984) and during late July 2006 ( ∼  � 4 ° C). We 
determined our heat-wave treatment by taking into account:   

   the usual mean temperature of 15.0 ° C over the (1) 
period of the experiment (Supplementary material 
Appendix 1 Fig. A1),   

   the predicted increase in mean sea temperature off  the (2) 
central California coast of 3 ° C (Meehl et al. 2007),   

   a future heat wave of 6.5 ° C, which accounts for (3) 
the predicted increase in heat-wave severity on the 
northern California coast of 2 ° C (Meehl and Tebaldi 
2004) and is within the range of published heat-
wave defi nitions (Meehl and Tebaldi 2004, Meehl 
et al. 2007).   

 Th us, our target treatment temperatures were 15.0 ° C and 
24.5 ° C ( �  15.0  �  3.0  �  6.5 ° C). 

 We achieved an actual heat-wave treatment temperature 
of 24.7  �  0.2 ° C using submersible heaters (7.5 W) which 
laid fl at against the bottoms of the aquaria. Aquaria contain-
ing plates assigned to both treatments were dispersed ran-
domly in a running seawater table which kept ambient plates 
at a temperature of 15.0  �  0.1 ° C. Water temperatures were 
monitored by taking daily measurements in each tank using 
a digital handheld thermometer.   

 Laboratory experiment 

 Fouling species were collected on 10  �  10 cm PVC plastic 
plates suspended horizontally 1 m below the surface of the 
docks at Spud Point Marina. Plates were deployed in the fi eld 
10 days and 4 months prior to the start of the experiment 
for the juvenile and adult plates, respectively. Two experi-
mental runs were conducted sequentially and treated as 
blocks in our analyses. Plates (32 total) were photographed, 
and all plates were counted before applying temperature 
treatments. For each block, adult and juvenile plates were 
randomly assigned to the ambient and heat-wave treatments 
(n  �  8 per age  �  treatment combination, divided between 
the two blocks). During the experiment, plates were sus-
pended in the same orientation as in the fi eld (upside-down 
and horizontally), each in a separate 2.5-l plastic aquarium. 
Plates were exposed to a 12 h light/dark cycle, and tanks were 
constantly bubbled with air. Half (1.25 l) of the water in 

the tanks was replaced daily with aerated unfi ltered seawater 
equilibrated to the treatment temperature and containing 
the natural phytoplankton component (as a food source). 
Chl a levels  –  an index of phytoplankton concentrations  –  
ranged from 0.88  �  0.21  μ g l �1  immediately after feeding 
to 0.72  �  0.36  μ g l �1  the following day before the water 
change (when chl a should have been most depleted), based 
on representative measurements in four tanks. Th ese chl a 
values did not diff er signifi cantly from concurrent fi eld val-
ues (1.01  �  0.19  μ g l �1  average of three subsamples; t-test 
p  �  0.5) at Spud Point Marina. Temperatures were initially 
raised at a rate of  ∼ 3 ° C per h in the heat-wave treatment and 
were then kept constant during water changes. Treatments 
were applied for three days (block 1: 15 – 18 August 2008, 
block 2: 18 – 21 August 2008) after which the heat-wave 
plates cooled to ambient temperature at a rate of  ∼ 2 ° C per 
h. At the end of the experiment, plates were photographed 
and counted, as at the beginning of the experiment, and 
were returned to the fi eld for subsequent monitoring of the 
community dynamics.   

 Species counts 

 Plate censuses (photographs and species counts) were con-
ducted before the experiment (initial), immediately after 
the experiment (T  �  0), and after 5, 35 and 95 days of 
subsequent community recovery and development. For the 
adult plates, percent cover was estimated based on direct 
visual observation for the initial, T  �  0, and fi ve day cen-
suses and based on visual observation of digital photo-
graphs for the 35 and 95 day censuses. For the juvenile 
plates, species counts were based on microscope counts for 
the initial, T  �  0, and fi ve day censuses and visual percent 
cover estimates from digital photographs for the 35 and 
95 day censuses.   

 Field plates 

 We compared recovery and development of lab experi-
ment plates to background recruitment and community 
development on adjacent, blank fi eld plates. Plastic recruit-
ment plates (n  �  4) identical to our experimental plates 
were deployed over seven sampling intervals correspond-
ing to the recovery period of the experimental plates. 
At the end of each 1- to 3-week recruitment interval, 
plates containing recruits were removed and were replaced 
with clean plates. Individual recruits were counted in the 
lab under a dissecting microscope, and the average plate 
counts for each species were used to calculate recruit-
ment rates in recruits per plate per day. Plates used as 
fi eld controls (n  �  3) were seasoned in the fi eld for 10 
days and were, then, scraped in the lab and redeployed on 
15 August (concurrent with the start of the lab experi-
ment). Th ese plates were allowed to develop continuously, 
as with the experimental plates, for  ∼ 95 days. Censuses 
of fi eld control plates (photographs and species counts) 
were conducted after 5, 35 and 95 days, as for the lab 
experiment plates. Percent cover was estimated by visual 
observation of digital photographs for the fi ve day census 
and by direct visual observation for the 35 and 95 day 
censuses.   
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least 95 days (Fig. 2b). Overall, native richness was lower on 
heat-wave than ambient plates (RM-ANOVA F 1,13   �  43.44, 
p  	  0.0001), and the eff ect of the heat treatment on native 
richness did not change over time (time x treatment F 1,14   �  
3.30, p  �  0.091, Supplementary material Appendix 1 Table 
A2). Native richness on heat-wave plates was still lower than on 
ambient plates at the 95 day census (t  �  3.92, DF  �  14, p  �  
0.002). In contrast, invasive richness on heat-wave plates not 
only recovered to, but actually exceeded, ambient levels by the 
35 day census (t  �  2.28, DF  �  14, p  �  0.039), a trend that 
continued through the duration of the experiment (Fig. 2b).   

 Percent cover 
 Total cover was reduced by the heat wave (RM-ANOVA F 1,13  
 �  20.64, p  �  0.001, Supplementary material Appendix 1 
Table A2c, Fig. A2) and did not recover to ambient lev-
els until between the 35 and 95 day censuses (Fig. 3a). 
However, native species cover was disproportionately aff ected 
(RM-ANOVA F 1,13   �  13.66, p  �  0.003); the eff ect of the 
heat-wave on invasive cover throughout the recovery period 
was marginally non-signifi cant (F 1,13   �  4.36, p  �  0.057). 
Invasive cover was reduced on heat-wave plates on day 5 (t 
 �  3.38, DF  �  14, p  �  0.005) but recovered to ambient 
levels by day 35 (t  �  0.54, DF  �  14, p  �  0.595, Fig. 3b). 
In contrast, the impacts of the heat wave on native cover 

 Analyses 

 Th e eff ects of temperature on richness and abundance (as 
percent cover) were analyzed for all species, and separately 
for natives and non-natives, at the four recovery time points. 
Analyses of variance (ANOVA) and repeated-measures 
ANOVA (RM-ANOVA) were conducted with SAS ver. 9.1 
using Proc GLM. For RM-ANOVA, the most conservative 
adjusted degrees of freedom (time DF  �  1) were used for 
calculating p-values for time and time  �  treatment. We eval-
uated the RM-ANOVA assumption of sphericity by calculat-
ing Mauchly ’ s criterion, and we report Greenhouse – Geiser 
adjusted p-values where necessary. Block was included in all 
statistical analyses. Age was not a factor in any of the analy-
ses; we ran separate analyses for juvenile and adult plates. All 
data are presented as means  �  1 SE.    

 Results  

 Juvenile plates 

 Twenty species were identifi ed on at least one of our juvenile 
or adult plates, including seven natives, nine non-natives, and 
four cryptogenic species (Supplementary material Appendix 
1 Table A1). On the juvenile plates, there was no detectable 
impact of the heat-wave treatment on total richness or on rich-
ness of either native or invasive species alone (RM-ANOVA 
p  �  0.64; Fig. 1; Supplementary material Appendix 1 Table 
A2a), and the eff ect of the heat wave on richness did not 
change over time (time  �  treatment p  �  0.08; Supplementary 
material Appendix 1 Table A2a). At the species level, the only 
common species for which juveniles were impacted by the 
heat wave was the native, colonial tunicate  Distaplia occiden-
talis  (hereafter  Distaplia ) which experienced a decrease in sur-
vival (based on change in cover during the experiment) in the 
heat-wave treatment as compared to the ambient treatment. 
Mortality of juvenile  Distaplia  was 40% higher in the heated 
than in the ambient treatment (t  �  3.60, DF  �  14, p   �   0.003), 
and this impact did not appear to be a lab artifact, based on a 
comparison with fi eld mortality rates (Sorte et al. 2010b; M. 
Cockrell unpubl.). Juvenile survival of six common non-native 
species was not aff ected by the heat wave (p  �  0.09).   

 Adult plates  

 Species richness 
 Th ere were no initial, pre-treatment diff erences between 
ambient and heated treatments for any species on the adult 
plates (p  �  0.1), but the simulated heat wave caused an 
immediate reduction in species richness on adult plates 
in the heat-wave treatment as compared to the ambient 
treatment. Th is reduction was apparent for total richness 
(t  �  7.54, DF  �  14, p  	  0.0001, Fig. 2a), native richness 
(t  �  6.78, DF  �  14, p  	  0.0001, Fig. 2b), and invasive rich-
ness (t  �  4.00, DF  �  14, p  �  0.001, Fig 2b). 

 Whereas total richness on heat-wave plates returned to 
ambient levels by the 35 day census (Fig. 2a), there was a 
shift in community composition, with non-natives con-
tributing disproportionately to this total richness when 
compared to pre-treatment conditions, that persisted for at 

0

1

2

3

4

5

6

7

8

9

10

11

Sp
ec

ie
s 

ric
hn

es
s

Ambient
Heat wave

(a)

(b)

0

1

2

3

4

5

6

7

8

0 10 20 30 40 50 60 70 80 90 100

Sp
ec

ie
s 

ric
hn

es
s

Time (days)

Heat-wave Invasive Heat-wave Native
Ambient Invasive Ambient Native

  Figure 1.     Changes in species richness on juvenile plates over time. 
Th e heat wave never aff ected juvenile species richness, either (a) for 
the community as a whole, or (b) when natives and invasives were 
considered separately. Data are means  �  1 SE. All statistical com-
parisons between ambient and heat-wave treatments were non-
signifi cant (p  �  0.05).  



1913

(i.e. native or non-native), higher order taxonomy, and/
or growth morphology (Table 1). Non-native bryozoans, 
including encrusting  Watersipora subtorquata  and 
 Schizoporella  sp., and arborescent  Bugula neritina  species, 
were most resistant to the heat wave (Table 1). In fact, abun-
dances of  Bugula  and  Schizoporella  were sometimes greater 
in the heat-wave treatment than in the ambient treatment 
(i.e.  Bugula  on day 95 and  Schizoporella  on days 5 and 
35; Table 1). Non-native tunicates, including the colonial 
species  Botrylloides violaceus ,  Diplosoma listerianum  and 
 Didemnum vexillum , all experienced  ∼ 100% mortality in 
the heat-wave treatment (i.e. 0% cover for  Botrylloides  and 
 Diplosoma  on day 0 and for  Didemnum  on day 5, once dead 
material had sloughed off  the plates). However, treatment 
diff erences were not signifi cant for  Diplosoma  or  Didemnum  
due to high variability in the cover on ambient plates. 

(RM-ANOVA F 1,14   �  13.66, p  �  0.003) were still evident 
at day 35 (t  �  3.36, DF  �  14, p  �  0.005), and native cover 
did not return to ambient levels until between the 35 and 
95 day censuses (Fig. 3b).   

 Species-specifi c responses 
 Non-native species already dominate the Bodega Harbor 
fouling community and represented the majority of species 
(65%) and live cover (73%) based on averages of the initial, 
pre-treatment plate counts. Eight species occurred on a suf-
fi cient number of plates for statistical analysis of resistance 
and recovery dynamics, including six non-native and two 
native species (Table 1; note that there were no signifi cant 
diff erences in initial cover for any of these species; p  �  0.1). 

 Th e resistance and recovery of adults of individual 
species to the heat wave depended on the species ’  origins 
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  Figure 2.     Changes in species richness on adult plates over time. (a) 
For the community as a whole, the heat wave resulted in an initial 
loss in richness, but at 35 and 95 days, there were no diff erences 
between ambient and heat-wave plates. (b) Whereas both native 
and invasive richness were initially reduced by the heat wave, inva-
sive richness more than recovered  –  richness was higher in heat-
wave than ambient treatments at 35 and 95 days  –  but native 
richness in heat-wave treatments never fully recovered to ambient 
levels, even after 95 days. Data are means  �  1 SE. Statistical com-
parisons between ambient and heat-wave treatments are indicated 
with symbols adjacent to data points: non-signifi cant (NS), p  	  
0.05 ( * ), p  	  0.01 ( *  * ), and p  	  0.001 ( *  *  * ). In (b), upper symbols 
indicate comparisons of invasive species richness whereas lower 
symbols indicate comparisons of natives.  
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  Figure 3.     Changes in cover on adult plates over time. (a) For the 
community as a whole, the heat wave resulted in an initial loss in 
cover, but at 95 days, there were no diff erences between ambient 
and heat-wave plates. (b) Cover of invasive species declined at 5 
days, but by 35 days, there were was no diff erence between ambient 
and heat-wave plates. Th e heat wave had more lasting eff ects on 
cover of native species; cover was lower on heat-wave than ambient 
plates at 35 days but did not diff er between the treatments at the 95 
day census. Data are means  �  1 SE. Statistical comparisons between 
ambient and heat-wave treatments are indicated with symbols adja-
cent to data points: non-signifi cant (NS), p  	  0.05 ( * ), p  	  0.01 
( *  * ), and p  	  0.001 ( *  *  * ). In (b), upper symbols indicate compari-
sons of invasive species cover whereas lower symbols indicate com-
parisons of natives.  
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 Bugula  (35.0  �  14.4%) and  Watersipora  (36.7  �  19.6%) 
and the native tunicate  Distaplia  (19.7  �  15.2%).  Ascidia  
also settled and grew on these plates, though its distribu-
tion was very patchy; at 95 days,  Ascidia  represented  	 1% 

While they were not as resistant as non-native bryozoans, 
non-native tunicates recovered faster than native tunicates; 
abundances of all three non-native tunicate species on heat-
wave plates were not signifi cantly diff erent from ambient 
levels by 35 days (Table 1). However, as noted in the 
Discussion below, recovery dynamics following a simi-
lar, natural heat wave would be dependent on individuals 
present to reseed the community. 

 Native tunicates, including the solitary  Ascidia cera-
todes  and colonial  Distaplia , were less resistant than 
non-native bryozoans and recovered more slowly than 
non-native tunicates. Both  Ascidia  and  Distaplia  were 
negatively impacted by the heat wave (Table 1). Although 
 Ascidia  abundance was  �  0% on average at all time 
points (Table 1), abundance was 0% on all heat-wave 
plates at either day 0 or day 5.  Ascidia  did not recover 
to ambient levels until the 95-day census (Table 1). 
Recovery of  Distaplia  was harder to assess, as cover on 
ambient plates also declined. However, initial cover on 
heat-wave plates was 14.7  �  4.5%, and the heat wave 
resulted in 100% mortality during the experiment (for 
survival after the experiment, paired t  �  3.26, DF  �  7, 
p  �  0.014). In the heat-wave treatment,  Distaplia  repre-
sented only 1% cover on a single replicate (out of n  �  8 
plates) at 35 days, and no  Distaplia  were found on these 
plates at 95 days (Table 1).    

 Field plates 

 On average, recruitment declined over the 95-day experi-
mental period (slope t  �  18.5, DF  �  3, p  	  0.001, Fig. 4a), 
with this pattern driven largely by the invasive tunicate 
 Diplosoma . Despite its failure to recruit to heat-wave plates 
(Table 1),  Distaplia  recruited in high abundance (numbers 
greater than 6 – 7 of the other species) both early in the 
recovery period and in October and November (Fig. 4a).  
Ascidia  was only found on a single recruitment plate during 
the study, but it did recruit to fi eld control plates suggesting 
that its recruitment is patchy and may be better estimated 
with longer recruitment sampling intervals (Fig. 4). 

 Mean cover on fi eld control plates increased over time 
(slope t  �  18.8, DF  �  2, p  �  0.003, Fig. 4b). At 95 days, 
the most abundant species were the invasive bryozoans 

  Table 1. Percent cover for each of the eight most common fouling species on adult plates in ambient (Amb) and heat-wave (HW) 
conditions.  

Recovery time (days)  §  

Initial 0 5 35 95

Species Taxon  †  Origin  ‡  Amb HW Amb HW Amb HW Amb HW Amb HW

 Bugula B I 2.2 2.4 2.2 2.5 3.8 2.1 0.9 5.1  3.9  10.4  *   
 Watersipora B I 6.5 4.2 6.5 6.1 6.4 3.8 13.1 10.1 11.9 12.6
 Schizoporella B I 0.4 2.3 0.2 1.6  1.8  6.9   *   2.4  25.4   *  *  0.6 4.7
 Botrylloides T I 45.1 34.7  45.9  0.0   *  *  *   20.3  0.1   *  *  12.0 21.4 4.8 6.4
 Diplosoma T I 7.8 9.9 2.9 0.0 4.1 0.5 13.7 18.7 6.2 9.6
 Didemnum T I 1.7 25.2 2.5 25.6 3.9 0.0 11.1 3.1 12.9 6.6
 Ascidia T N 7.0 4.1 9.1 2.1  13.0  1.4   *   37.9  4.2   *  *  46.8 40.5
 Distaplia T N 21.8 14.7  15.2  0.0   *  *  *   8.8  0.0   *  *  3.7 0.1 0.8 0.0

     †  B  �  Bryozoan, T  �  Tunicate;   ‡   I  �  Invasive (non-native), N  �  Native;   §  Signifi cant differences between ambient and heat-wave conditions, 
based on t-tests, are indicated in bold and with asterisks: p  	  0.05 (  *  ), p  	  0.01 (  *  *  ), and p  	  0.001 (  *  *  *  ).   
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  Figure 4.     Recruitment and community development on unmanip-
ulated fi eld plates. (a) Recruitment patterns of fouling species onto 
empty plates suspended from the dock adjacent to our experimen-
tal plates. Values represent the mean number of recruits per day that 
settled on 10 � 10 cm plates (n  �  4), and dates represent the mid-
point of each 1- to 3-week sampling interval. (b) Community 
development on empty 10  �  10 cm plates (n  �  3) deployed con-
current with the lab experiment and censused at 5, 35, and 95 days. 
In both (a) and (b), variances are omitted for clarity.  
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invertebrates in the fouling community, since life-stage 
eff ects could further modify predictions of community 
responses to climate change. 

 Recovery and community development following the 
heat wave occurred via growth (of resistant individuals) and/
or recruitment of new colonists (but see below for potential 
implications of a natural heat wave for this larval pool). Both 
growth and recruitment likely contributed to fi nal abun-
dances of the non-native bryozoans. When less resistant tuni-
cates died and sloughed off  of the plates following the heat 
treatment, skeletons that initially appeared dead and empty 
yielded live colonies of the encrusting bryozoans  Watersipora  
and  Schizoporella . In addition,  Bugula  and  Watersipora  (but 
not  Schizoporella ) were both recruiting during the recovery 
period and became the two most abundant species on the 
fi eld control plates at 95 days. In contrast, for all tunicates, 
recovery was primarily through recruitment of juveniles into 
bare space, although some asexual growth may have occurred 
from colony fragments that were initially classifi ed as dead. 
While propagules of both natives and non-natives were pres-
ent (based on recruitment and fi eld plate data), non-native 
individuals appeared to recruit and become established more 
readily to the bare space that had become available on the 
heat-wave treatment plates. Th e decrease in  Distaplia , even 
on the ambient plates, does not appear to represent a sea-
sonal decline per se, as  Distaplia  was the third most abun-
dant species (representing  ∼ 20% cover) on the fi eld control 
plates. Th is decline, thus, could be due to additional species 
interactions, such as interspecifi c competition on the ambi-
ent plates. At the same time as  Distaplia  was decreasing on 
the ambient plates  –  and failing to recover on the heat-wave 
plates  –   Ascidia  was able to acquire enough space, through 
successful recruitment and establishment, so that native 
cover did not diff er between heat-wave and ambient plates 
by 95 days. 

 Multiple lines of evidence suggest that we may have 
underestimated the impacts of such a heat wave by, rather, 
overestimating these species ’  ability to recover from a natural 
heat wave. Th is is because, if similar mortality rates occurred 
in the fi eld, the reproductive adults responsible for reseeding 
the community would include only (1) resistant individuals, 
and (2) less- or un-aff ected individuals living in temperature 
refuges. For a heat wave of similar magnitude, the only resis-
tant individuals would be (of our eight focus species) the 
three non-native bryozoans. For the highly susceptible species 
(those that experienced immediate and nearly complete mor-
tality), recovery would depend on colonization of propagules 
produced by surviving individuals. In Bodega Harbor, one 
potential temperature refuge is habitats at greater depth. 
Interestingly, researchers SCUBA diving in Bodega Harbor 
have observed four of the six focal non-native species  –  
 Botrylloides Bugula ,  Didemnum , and  Diplosoma   –  at depths 
of  at least 5  m (and up to  �  10 m for  Bugula ; J. Byrnes, K. 
Hultgren and F. Tomas pers. com.), suggesting the existence 
of local populations that could be less aff ected by such a heat 
wave and contribute to recolonization. Whereas we evalu-
ated impacts of an increase in heat-wave severity, the pre-
dicted increases in heat-wave frequency and length are also 
both likely to exacerbate these impacts (Meehl and Tebaldi 
2004). As heat waves become more frequent, species may be 
successively excluded when their recovery time (via growth 

of cover on 2 of 3 plates, but 15% cover (ranked 2nd after 
 Watersipora ) on the 3rd plate. 

 Invasive species richness was higher on heat-wave plates 
than on fi eld plates (ANOVA p  �  0.019 after Tukey adjust-
ment for multiple comparisons) but did not diff er between 
ambient-experimental and fi eld-control plates (ANOVA 
p  �  0.358 after Tukey adjustment). In contrast, native spe-
cies richness was higher on ambient experimental plates than 
on fi eld plates (ANOVA p  �  0.048 after Tukey adjustment) 
but did not diff er between heat-wave and fi eld control plates 
(ANOVA p  �  0.932 after Tukey adjustment).    

 Discussion 

 We show that heat waves, which are predicted to increase 
in frequency and severity with climate change, can sig-
nificantly impact a marine community. The heat wave 
caused an overall decline in total species richness and 
cover. Even when richness and cover reached ambient 
levels (between 5 – 35 and 35 – 95 days of recovery, respec-
tively), the proportion of species richness that was com-
prised of non-natives remained higher in the heat-wave 
treatment. The decline of native species was driven largely 
by the decrease of  Distaplia ; however, the community 
impact was only significant when considering the cumu-
lative responses of all seven native species present on the 
plates (Supplementary material Appendix 1 Table A1). 
Invasive richness, on the other hand, initially declined in 
the heat-wave treatment but, by the 35 day census and 
through the duration of the experiment, heat-wave plates 
contained an average of one additional invasive species 
compared to ambient plates. 

 Based on our examination of the eight most common spe-
cies on the adult plates, resistance to the heat wave appeared 
to be predicted by a combination of species ’  origin (native 
vs non-native), higher order taxonomy and morphology 
(MacGillivray et al. 1995; Table 1). Th e most resistant group 
was the non-native bryozoans. Th ese species never declined, 
and two of them,  Bugula  and  Schizoporella , capitalized on 
the newly available bare space and increased in abundance in 
the heat-wave treatment. In contrast, both non-native and 
native tunicates experienced almost 100% mortality follow-
ing the heat wave. 

 Resistance to the heat wave also diff ered by age; however, 
contrary to expectations, juveniles were more resistant to 
the heat wave than adults. Th e only species that suff ered 
greater juvenile mortality in the heat-wave treatment was 
the native  Distaplia ; survival of the six most common non-
native bryozoan and tunicate species was unaff ected by 
the heat wave (and resistance of juvenile  Ascidia  could not 
be assessed because none were present on juvenile plates). 
Despite an increase in mortality of the most common native 
species, there was no infl uence of the heat wave on rich-
ness or cover on the juvenile plates. Th ough a large body 
of literature supports a positive relationship between age 
and thermal tolerance (Gosselin and Qian 1997, Hunt and 
Scheibling 1997), a decrease in heat-wave resistance with 
age has also been shown for some insect species (Bowler and 
Terblanche 2008). We suggest that ontogenetic variation 
in temperature tolerance merits further study for marine 
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2007, Sorte et al. 2010a). Native species may also experience 
a range contraction following local extinction (Parmesan 
et al. 2000), especially if species are already more stressed at 
range boundaries (Sorte and Hofmann 2004). Th ird, shifts 
in species composition, especially with increases in invasive 
species, can lead to cascading negative impacts on other 
members of the community and increased economic costs 
(Carlton 2001). As an example, one of our study species, the 
relatively heat-wave resistant bryozoan  Watersipora , has low 
susceptibility to predation, high resistance to anti-fouling 
paints, and a three-dimensional growth form that increases 
drag and, therefore, fuel costs (Floerl et al. 2004, Nydam and 
Stachowicz 2007). 

 In conclusion, our study shows that heat waves, which are 
observed and predicted consequences of historical and future 
climate change, can have signifi cant impacts on the compo-
sition of a subtidal epibenthic community. In addition, our 
results highlight the potential for interactions between global 
warming and invasive species, which are, individually, two of 
the greatest threats to biological systems, and this interaction 
is likely to exacerbate their impacts. Th e impacts of warming 
and invasions on biodiversity can alter ecosystem function-
ing (Zavaleta and Hulvey 2007, Hawkins et al. 2009), espe-
cially given interactions between the eff ects of temperature 
and richness on ecosystem processes (Bulling et al. 2010). 
We also suggest that feedbacks will occur between responses 
to increases in extreme and mean temperatures since mean 
temperatures may increase the suitability of the environment 
for, and thus initial abundances of, non-natives relative to 
natives (Sorte et al. 2010b). Studies of species ’  and com-
munity responses to environmental extremes, which have 
been less well-studied than increases in mean temperature, 
are necessary in order to predict rapid biological changes in 
response to future extreme events. 

  Acknowledgements   –  We thank K. Menard, A. Newsom and 
S. Williams for helpful suggestions and research assistance. 
Comments from J. Bruno, J. Carlton, L. Miller, E. Sanford, 
M. Solan, J. Stachowicz and S. Williams greatly improved this 
manuscript. Funding was provided by grants from the Ocean 
Protection Council, UC-Davis Invasive Species IGERT Program, 
and Bodega Marine Lab to CJBS; Northeastern University ’ s 
Th ree Seas Program to AF; and the National Science Foundation 
(OCE-0549944) to S. Williams and MESB. Th is publication is 
a contribution of the Bodega Marine Laboratory, Univ. of 
California at Davis and is contribution number 266 of the 
Marine Science Center, Northeastern Univ.                

 References 

  Allison, G. W. 2004. Th e infl uence of species diversity and stress 
intensity on community resistance and resilience.  –  Ecol. 
Monogr. 74: 117 – 134.  

  Bassow, S. L. et al. 1994. Th e response of temperate tree seedlings 
grown in elevated CO 2  to extreme temperature events.  –  Ecol. 
Appl. 4: 593 – 603.  

  Bowler, K. and Terblanche, J. 2008. Insect thermal tolerance: what 
is the role of ontogeny, ageing and senescence?  –  Biol. Rev. 83: 
339 – 355.  

  Boyd, M. J. 1972. Fouling community structure and develop-
ment in Bodega Harbor, California. PhD thesis.  –  Univ. of 
California, Berkeley.  

or colonization from refuges) begins to exceed the time 
between consecutive heat waves. Furthermore, a heat wave 
of suffi  cient length and severity could cause widespread 
mortality of even the most resistant species instead of hav-
ing the species-specifi c impacts of a medium-severity distur-
bance (Allison 2004). In this case, recovery would depend 
solely on new recruitment of propagules from unaff ected 
(e.g. refuge or distant) populations. 

 Another factor that could accelerate a positive feedback 
between heat waves and non-native species is the projected 
increase in mean temperature. Warming ocean tempera-
tures could aff ect recruitment patterns, recovery dynamics, 
and, as impacts accrue, pre-heat-wave species composition. 
For example, Stachowicz et al. (2002) found that increased 
winter temperatures were associated with earlier and greater 
total recruitment of non-native tunicates. In addition, 
higher temperatures are positively associated with growth 
rates of non-native species and negatively associated with 
survival of native species (Stachowicz et al. 2002, Sorte 
et al. 2010b). Th us, following a heat wave, non-native 
species are likely to be at an advantage over natives when 
overall mean temperatures are higher because non-natives 
may recruit earlier and in greater numbers, acquire space 
faster via growth, and maintain space better due to lower 
mortality rates. Th ere is the potential that physiological 
acclimation could ameliorate impacts of climate change 
in these fouling species (Somero 2002). Adaptation is also 
possible, especially given the relatively low dispersal dis-
tances and short generation times in subtidal epifaunal 
communities (Boyd 1972, Osman and Whitlatch 1998), 
although this possibility is currently untested. 

 Th e proximal responses to heat waves discussed here for 
adult-dominated communities, which represent the majority 
of cover, have implications for several potential changes in 
community structure and dynamics. First, in systems such 
as the fouling community where space is a limiting resource, 
species turnover depends on disturbance events that cre-
ate open space, and changes in disturbance regimes will 
impact community assembly (Connell 1978). If disturbance 
patterns  –  such as the frequency or timing of events  –  change, 
then communities will likely change, due to factors including 
seasonal diff erences in the number and types of propagules 
available to recolonize the disturbed area. In fouling commu-
nities, in particular, widespread mortality events and subse-
quent increases in bare space have primarily been observed in 
the winter and associated with low salinity events (Nydam and 
Stachowicz 2007). Importantly, since the identity and num-
ber of species recruiting varies seasonally, communities that 
develop in bare space created during the summer by future 
heat waves are likely to diff er greatly from those developing 
in the wintertime. Second, heat waves may precipitate not 
just changes in species abundances but shifts in geographic 
distributions (Parmesan et al. 2000). For example, a recent 
study by Th ibault and Brown (2008) followed the  ‘ invasion ’  
of the native pocket mice into adjacent areas facilitated by 
an extreme fl ood event that caused widespread mortality 
in the incumbent dominant kangaroo rat species, allowing 
pocket mice to colonize and establish territories. In addition, 
it has been suggested that the 2003 European heat wave may 
have facilitated the expansion of the Atlantic snake pipefi sh 
in the northeast Atlantic (Fleischer et al. 2007, Harris et al. 



1917

  MacGillivray, C. W. et al. 1995. Testing predictions of the resist-
ance and resilience of vegetation subjected to extreme events. 
 –  Funct. Ecol. 9: 640 – 649.  

  Meehl, G. A. and Tebaldi, C. 2004. More intense, more frequent 
and longer lasting heat waves in the 21st century.  –  Science 
305: 994 – 997.  

  Meehl, G. A. et al. 2007. Global climate projections.  –  In: 
Solomon, S. et al. (eds), Climate change 2007: the physical 
science basis. Contribution of Working Group I to the 4th 
Assessment Rep. of the Intergovernmental Panel on Climate 
Change. Cambridge Univ. Press, pp. 747 – 845.  

  Miriti, M. N. et al. 2007. Episodic death across species of desert 
shrubs.  –  Ecology 88: 32 – 36.  

  Mouthon, J. and Daufresne, M. 2006. Eff ects of the 2003 heat-
wave and climatic warming on mollusc communities of the 
Sa ô ne: a large lowland river and of its two main tributaries 
(France).  –  Global Change Biol. 12: 441 – 449.  

  Neumann, H. et al. 2009. Temporal variability of southern North 
Sea epifauna communities after the cold winter 1995/1996. 
 –  ICES J. Mar. Sci. 66: 2233 – 2243.  

  Nydam, M. and Stachowicz, J. J. 2007. Predator eff ects on 
fouling community development.  –  Mar. Ecol. Progr. Ser. 337: 
93 – 101.  

  Olyarnik, S. V. et al. 2009. Ecological factors aff ecting community 
invasibility.  –  In: Rilov, G. and Crooks, J. A. (eds), Biological 
invasions in marine ecosystems: ecological, management and 
geographic perspectives. Springer, pp. 215 – 240.  

  Osman, R. W. and Whitlatch, R. B. 1998. Local control of recruit-
ment in an epifaunal community and the consequences to 
colonization processes.  –  Hydrobiologia 375/376: 113 – 123.  

  Oxenford, H. A. et al. 2008. Quantitative observations of a major 
coral bleaching event in Barbados, southeastern Caribbean.  –  
Climate Change 87: 435 – 449.  

  Parmesan, C. et al. 2000. Impacts of extreme weather and climate 
on terrestrial biota.  –  Bull. Am. Meteorol. Soc. 81: 443 – 450.  

  Petes, L. E. et al. 2007. Environmental stress decreases survival, 
growth, and reproduction in New Zealand mussels.  –  J. Exp. 
Mar. Biol. Ecol. 351: 83 – 91.  

  Rosenzweig, C. et al. 2007. Assessment of observed changes and 
responses in natural and managed systems.  –  In: Parry, M. L. 
et al. (eds), Climate change 2007: impacts, adaptation and 
vulnerability. Contrib. of Working Group II to the 4th Assess-
ment Rep. of the Intergovernmental Panel on Climate Change. 
Cambridge Univ. Press, pp. 79 – 131.  

  Rosenzweig, C. et al. 2008. Attributing physical and biological 
impacts to anthropogenic climate change.  –  Nature 453: 
353 – 357.  

  Ruiz, G. M. et al. 2000. Invasion of coastal marine communities 
in North America: apparent patterns, processes, and biases.  –  
Annu. Rev. Ecol. Syst. 31: 481 – 531.  

  Sala, O. E. et al. 2000. Global biodiversity scenarios for the year 
2100.  –  Science 287: 1770 – 1774.  

  Scripps Institution of Oceanography 1984. Surface water tempera-
tures at shore stations, United States west coast, 1983.  –  Univ. 
of California, San Diego, CA.  

  Somero, G. N. 2002. Th ermal physiology and vertical zonation of 
intertidal animals: optima, limits, and costs of living.  –  Integr. 
Compar. Biol. 42: 780 – 789.  

  Sorte, C. J. B. and Hofmann, G. E. 2004. Changes in latitudes, 
changes in aptitudes:  Nucella canaliculata  (Mollusca: 
Gastropoda) is more stressed at its range edge.  –  Mar. Ecol. 
Progr. Ser. 274: 263 – 268.  

  Sorte, C. J. B. et al. 2010a. Marine range shifts and species 
introductions: comparative spread rates and community 
impacts.  –  Global Ecol. Biogeogr. 19: 303 – 316.  

  Sorte, C. J. B. et al. 2010b. Ocean warming increases threat 
of invasive species in a marine fouling community.  –  Ecology 
doi: 10.1890/10 – 0238.  

  Bulling, M. T. et al. 2010. Marine biodiversity-ecosystem functions 
under uncertain environmental futures.  –  Philos. Trans. R. 
Soc. Lond. B, 365: 2107 – 2116.  

  Byers, J. E. et al. 2002. Directing research to reduce the impacts 
of nonindigenous species.  –  Conserv. Biol. 16: 630 – 640.  

  Carlton, J. T. 2001. Introduced species in U.S. coastal waters: 
environmental impacts and management priorities.  –  Pew 
Oceans Commission, Arlington, Virginia.  

  Chown, S. L. et al. 2007. Phenotypic plasticity mediates climate 
change responses among invasive and indigenous arthropods. 
 –  Proc. R. Soc. Lond. B 274: 2531 – 2537.  

  Clark, G. F. and Johnston, E. L. 2005. Manipulating larval supply 
in the fi eld: a controlled study of marine invasibility.  –  Mar. 
Ecol. Progr. Ser. 298: 9 – 19.  

  Cohen, A. N. and Carlton, J. T. 1995. Nonindigenous aquatic 
species in a United States estuary: a case study of the biologi-
cal invasions of the San Francisco Bay and delta.  –  NOAA, 
USA.  

  Connell, J. H. 1978. Diversity in tropical rain forests and coral 
reefs.  –  Science 199: 1302 – 1310.  

  Daufresne, M. et al. 2007. Impacts of global changes and extreme 
hydroclimatic events on macroinvertebrate community struc-
tures in the French Rhone River.  –  Oecologia 151: 544 – 559.  

  de Valpine, P. and Harte, J. 2001. Plant responses to experimental 
warming in a montane meadow.  –  Ecology 82: 637 – 648.  

  Dukes, J. S. and Mooney, H. A. 1999. Does global change increase 
the success of biological invaders?  –  Trends Ecol. Evol. 14: 
135 – 139.  

  Easterling, D. R. et al. 2000. Climate extremes: observations, 
modeling and impacts.  –  Science 289: 2068 – 2074.  

  Fleischer, D. et al. 2007. Atlantic snake pipefi sh ( Entelurus 
aequoreus ) extends its northward distribution range to Svalbard 
(Arctic Ocean).  –  Polar Biol. 30: 1359 – 1362.  

  Floerl, O. et al. 2004. Positive interactions between nonindigenous 
species facilitate transport by human vectors.  –  Ecol. Appl. 14: 
1724 – 1736.  

  Glynn, P. W. and D’Croz, L. 1990. Experimental evidence for high 
temperature stress as the cause of El Ni ñ o-coincident coral 
mortality.  –  Coral Reefs 8: 181 – 191.  

  Gosselin, L. A. and Qian, P.-Y. 1997. Juvenile mortality in benthic 
marine invertebrates.  –  Mar. Ecol. Progr. Ser. 146: 265 – 282.  

  Grosholz, E. D. 2005. Recent biological invasion may hasten inva-
sional meltdown by accelerating historical introductions.  –  
Proc. Natl Acad. Sci. USA 102: 1088 – 1091.  

  Halpern, B. S. et al. 2008. A global map of human impact on 
marine ecosystems.  –  Science 319: 948 – 952.  

  Harley, C. D. G. 2008. Tidal dynamics, topographic orientation, 
and temperature-mediated mass mortalities on rocky shores. 
 –  Mar. Ecol. Progr. Ser. 371: 37 – 46.  

  Harris, M. P. et al. 2007. A major increase in snake pipefi sh 
( Entelurus aequoreus ) in northern European Seas since 2003: 
potential implications for seabird breeding success.  –  Mar. 
Biol. 151: 973 – 983.  

  Hawkins, S. J. et al. 2009. Consequences of climate-driven biodi-
versity changes for ecosystem functioning of North European 
rocky shores.  –  Mar. Ecol. Prog. Ser. 396: 245 – 259.  

  Holway, D. A. et al. 2002. Role of abiotic factors in governing 
susceptibility to invasion: a test with Argentine ants.  –  Ecology 
83: 1610 – 1619.  

  Hunt, H. L. and Scheibling, R. E. 1997. Role of early post-
settlement mortality in recruitment of benthic marine inver-
tebrates.  –  Mar. Ecol. Progr. Ser. 155: 269 – 301.  

  Jentsch, A. et al. 2007. A new generation of climate-change experi-
ments: events, not trends.  –  Front. Ecol. Environ. 5: 365 – 374.  

  J ö hnk, K. D. et al. 2008. Summer heatwaves promote blooms of 
harmful cyanobacteria.  –  Global Change Biol. 14: 495 – 512.  

  Karl, T. R. and Trenberth, K. E. 2003. Modern global climate 
change.  –  Science 302: 1719 – 1723.  



1918

  Th ibault, K. M. and Brown, J. H. 2008. Impact of an extreme 
climatic event on community assembly.  –  Proc. Natl Acad. Sci. 
USA 105: 3410 – 3415.  

  Van Peer, L. et al. 2004. Species richness and susceptibility to heat 
and drought extremes in synthesized grassland ecosystems: com-
positional vs physiological eff ects.  –  Ecology 18: 769 – 778.  

  Vitousek, P. M. et al. 1997. Human domination of Earth’s ecosys-
tems.  –  Science 277: 494 – 499.  

  Walther, G. -R. et al. 2002. Ecological responses to recent climate 
change.  –  Nature 416: 389 – 395.  

  White, T. D. A. et al. 2001. Impacts of extreme climatic events 
on competition during grassland invasions.  –  Global Change 
Biol. 7: 1 – 13.  

  Zavaleta, E. S. and Hulvey, K. B. 2007. Realistic variation in spe-
cies composition aff ects grassland production, resource use and 
invasion resistance.  –  Plant Ecol. 188: 39 – 51.    

  Stachowicz, J. J. et al. 1999. Species diversity and invasion resist-
ance in a marine ecosystem.  –  Science 286: 1577 – 1579.  

  Stachowicz, J. J. et al. 2002. Linking climate change and biologi-
cal invasions: ocean warming facilitates nonindigenous species 
invasions.  –  Proc. Natl Acad. Sci. USA 99: 15497 – 15500.  

  Sutherland, J. P. 1970. Dynamics of high and low populations 
of the limpet,  Acmea scabra  (Gould).  –  Ecol. Monogr. 40: 
170 – 188.  

  Sutherland, J. P. 1974. Multiple stable points in natural com-
munities.  –  Am. Nat. 108: 859 – 873.  

  Sutherland, J. P. and Karlson, R. H. 1977. Development and stabil-
ity of the fouling community at Beaufort, North Carolina.  –  
Ecol. Monogr. 47: 425 – 446.  

  Swaty, R. L. et al. 2004. Ectomycorrhizal abundance and com-
munity composition shifts with drought: predictions from tree 
rings.  –  Ecology 85: 1072 – 1084.  

Supplementary material (available online as Appendix 
O18663 at www.oikos.ekol.lu.se/appendix. Appendix 1


